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Abstract

The biogeochemical processes governing leachate attenuation inside a landfill leachate plume
(Banisveld, the Netherlands) were revealed and quantified using the 1D reactive transport model
PHREEQC-2. Biodegradation of dissolved organic carbon (DOC) was simulated assuming first-
order oxidation of two DOC fractions with different reactivity, and was coupled to reductive
dissolution of iron oxide. The following secondary geochemical processes were required in the
model to match observations: kinetic precipitation of calcite and siderite, cation exchange, proton
buffering and degassing. Rate constants for DOC oxidation and carbonate mineral precipitation
were determined, and other model parameters were optimized using the nonlinear optimization
program PEST by means of matching hydrochemical observations closely (pH, DIC, DOC, Na, K,
Ca, Mg, NH,, Fe(ll), SO4, Cl, CHy, saturation index of calcite and siderite). The modelling
demonstrated the relevance and impact of various secondary geochemical processes on leachate
plume evolution. Concomitant precipitation of siderite masked the act of iron reduction. Cation
exchange resulted in release of Fe(Il) from the pristine anaerobic aquifer to the leachate. Degassing,
triggered by elevated CO, pressures caused by carbonate precipitation and proton buffering at the
front of the plume, explained the observed downstream decrease in methane concentration.
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Simulation of the carbon isotope geochemistry independently supported the proposed reaction
network.
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1. Introduction

Natural attenuation (NA) processes are able to restrict the spreading of organic pollution
in aquifers (e.g., Christensen et al., 2001). However, uncertainty about the continuation of
NA necessitates a continuous monitoring. Monitored natural attenuation (MNA) is
therefore an emerging remediation technique. Predictive models on plume evolution may
reveal important processes and factors that control NA and can thereby guide and optimize
the monitoring. Modelling and data gathering should therefore be considered as an iterative
process. Besides the occurrence, also the type, the kinetics and sustainability of the
governing degradation reactions should be determined. The type of degradation process
(e.g., aerobic, nitrate reduction, iron reduction, etc.) changes in time and space as reflected
by a sequence of redox zones observed from the source zone to the outskirts of an organic
pollution plume (e.g., Christensen et al., 2000, 2001). Prediction of the redox chemistry is
essential, since the extent of degradation of specific organic pollutants depends on the
associated redox process (Krumholz et al., 1996; Christensen et al., 2000, 2001).

Constraining a reactive transport model to site-specific observations enables quantifi-
cation of redox processes and prediction of plume evolution. Various reactive transport
model codes have been developed in the last decade (Essaid et al., 1995; Clement et al.,
1998; Abrams and Loague, 2000a; Murphy and Ginn, 2000; Islam et al., 2001; Van der
Lee and de Windt, 2001; Brun and Engesgaard, 2002). A reactive transport model should
include in addition to the primary degradation reactions (e.g., degradation of organic
carbon coupled to iron reduction) also secondary redox (e.g., Fe(Il) oxidation) and other
geochemical reactions (e.g., cation exchange, siderite precipitation) in order to constrain
the redox equations, since these reactions affect concentrations of redox species and pH as
well (Hunter et al., 1998). This intrinsic capability makes multicomponent geochemical
transport models superior to multiple solute transport models.

Several studies exist where reactive transport models were used to model field
observations in aquifers contaminated by point sources of organic pollution (Essaid et
al., 1995; Prommer et al., 1999; Abrams and Loague, 2000b; Mayer et al., 2001; Brun et
al., 2002). Modelling the biogeochemical reactions in a landfill leachate plume seems
especially complicated because of the diversity of solutes and processes involved, and has
been performed only recently (Brun et al., 2002). Brun et al. (2002) incorporated Monod
kinetics with biomass growth for five bacterial populations equal to the number of redox
zones to simulate the degradation of dissolved organic carbon (DOC), but were less
ambitious with respect to simulating the complexity of the geochemical system. The
discrepancy between the model and observations (e.g., pH, bicarbonate, Fe(Il)) was
attributed to uncertainty on initial conditions (DOC concentration, iron oxide content), a
high yield factor for microbial growth, and omission of siderite precipitation.
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The present study illustrates that simulation of various secondary geochemical
processes (cation exchange, proton buffering, kinetic precipitation of carbonate minerals,
and degassing) is required to provide a possible explanation of the observed downstream
improvement in leachate composition along a central flow path in an iron-reducing landfill
leachate plume (Banisveld landfill, the Netherlands). The model includes simulation of the
carbon-13 isotope geochemistry of the plume in order to verify model results. First-order
DOC degradation was applied instead of Monod kinetics with biomass growth, in order to
reduce the number of sensitive and unknown parameters (Essaid et al., 1995; Keating and
Bahr, 1998). Rate constants for DOC oxidation, and calcite/siderite precipitation were
calibrated, while other model parameters were optimized using the nonlinear optimization
program PEST (Watermark Numerical Computing, http://www.sspa.com/pest).

2. Construction of the reactive transport model
2.1. Banisveld land(fill research site

The Banisveld landfill (6 ha) is situated 5 km southwest of Boxtel, the Netherlands.
Disposal of primarily household refuse occurred in a former 6-m-deep sandpit between
1965 and 1977. Attificial or natural liners are absent, while most of the waste is present
below the groundwater table, which lies less than 2 m below surface. The hydro-
geochemistry of the site is described in Van Breukelen et al. (2003). Here, only a brief
summary will be given. A leachate plume was detected using cone penetration tests at a
depth of about 4 to 9 m below surface to a distance of about 70 m from the landfill border
(Fig. 1). The plume migrates through a heterogeneous phreatic aquifer, which consists of
fine- to coarse-grained unconsolidated clayey sands. Groundwater observation wells
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Fig. 1. Cross section of the research transect downstream of the landfill site. The leachate plume is depicted in
light gray and delineated using the formation conductivity, which is plotted from left to right (dark gray). The
position of the groundwater observation wells (WUP, W1-W9, WEF: black dots or vertical lines), sediment
samples (SUP, S2, S3, S6, S9: ), the minimum and maximum observed hydraulic head (v), and the simulated
flow path are shown.
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(WUP, W1-W9, WF) were placed in the direction of groundwater flow within and around
the plume (Fig. 1). At each well site two or three wells were placed with 20-cm length
screens at different depths. Wells are indicated by the following notation: Wxy, where x is
the code of the observation well site (UP, 1-9, F), and y refers to the screen depth of a well
at well site x (a—upper screen (generally above plume); b—middle screen (inside plume);
c—Ilower screen (below plume)). Sampling and analysis of groundwater were performed
in June 1998, September 1998 and October 1999. Sediment samples were taken at five
locations (SUP, S2, S3, S6, and S9; see Fig. 1) at plume depth for geochemical analysis in
October 1998.

2.2. Model code

The 1D PHREEQC-2 model code (Parkhurst and Appelo, 1999) was used to simulate
the evolution of groundwater quality along the central flow path in the leachate plume
(Fig. 1). The PHREEQC database provided equilibrium constants for acid—base reactions,
complexation of inorganic species, and the solubility of minerals and gases (CHy4, CO,).
Solubility of Ar and N, were taken from Andrews (1992). The possible contribution of
dissolved organic carbon (DOC) to alkalinity was neglected (<2%; Van Breukelen et al.,
2003).

Simulation of 1D transport was appropriate, because no dilution of leachate occurred
along the flow path (Van Breukelen et al., 2003): chloride concentrations in leachate were
much higher than in pristine groundwater (Table 1) and remained constant in the flow
direction (Fig. 5). The model assumes that the leachate composition in downstream wells
W2 to W9 has evolved from the leachate composition in well W1.

2.3. Simulation of transport

A groundwater flow velocity of 4 m/year was assumed as best estimate (Van Breukelen
et al., 2003) and used in the model. A time-step of 0.5 years was taken and the cell length
was set at 2 m. The flow path was simulated by a series of 80 “cells” with a total length of
160 m (Fig. 1). Since landfilling occurred between 1965 and 1977, and groundwater
sampling was performed in the period 1998—1999, duration of advective transport is 34
years at most. Total transport time was optimized using PEST as 30.5 years (see Section
2.6). A flux in the start- and end-cell was taken as boundary condition. The diffusion
coefficient was set at 3 X 10~ '® m?/s, while a low value for longitudinal dispersivity of 0.1
m was specified. As the plume length was about 100 m (Fig. 1), a longitudinal dispersivity
of 10 m (one tenth of the flow length) could be expected at most (Gelhar, 1986). A
longitudinal dispersivity of 10 m could not match constant observed chloride concen-
trations in the plume, while a value of 1.0 m did not affect results much in comparison
with the adopted value of 0.1 m.

2.4. Composition of leachate and pristine groundwater and aquifer geochemistry

Table 1 shows the observed compositions of inflowing leachate and pristine ground-
water and the compositions adopted in the model. The composition of pristine ground-
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Table 1
Composition of inflowing leachate and pristine groundwater (observed and adopted in model)
Parameter Unit Leachate observed® Model Pristine observed® Model
Chloride mmol/l 4.03-8.74 7.36 0.34-2.17 1
EC® puS/cm 4520-5260 - 189-754 -
Alkalinity® mmol/l 51.3-56.8 56 0.2-6.6 0.5
pH 6.4-6.7 6.6 4.6-6.7 5
ped —36 -36 —27t0 —34 -3.0
Temperature °C 10-13 11.0 - 11.0
DOC*® mmol C/1 8.2-10.3 9.2 0.25-1.92 0

(two fractions)
Oxygen mmol/l 0 0 0 0
Nitrate mmol/l 0 0 0]1.2]6.1 0
Mn(II) pmol/l 6.4-9.1 - 0.5-13 -
Fe(II) mmol/l 0.20—1.24 0.81 0.002-0.47 0.11
Sulfate® mmol/l 0.03-0.11 0.06 0.018—1.72 1
Sulfide pmol/1l 3-6 - 0-9 -
Methane mmol/l 1.33-1.48 1.33 0-0.56 0.1
Nitrogen gas® mmol/l 0.16—-0.42 0.28 0.98 0.98
Argon® pumol/l 33-75 5 16.5 16.5
Ammonium mmol/l 19.2-19.8 19.8 0.006—0.067 0.067
Calcium mmol/l 7.83-10.4 10.4 0.42-2.72 0.42
Magnesium mmol/l 3.1-4.36 3.70 0.12-0.49 0.12
Potassium mmol/l 5.55-6.14 6.01 0.026-0.41 0.41
Sodium mmol/l 7.7-9.39 8.22 0.3-2.6 2.6
8"*C-DIC %o +13.1 +13.1 —19.55 —19.55
8"*C-CH, %o -53.1 -53.1 —72.6 —72.6
s"c-poC %o —24to —30 —27 ~ 27 -

? Observation well W1b was taken as representative for leachate. For conservative Cl, SO4, Ar and N,
observed ranges for the total plume are given. Pristine groundwater was characterized by 13 wells (for Ar and N,:
W8a).

b EC =electrical conductivity.

¢ Alkalinity comprises acid buffering of dissolved organic carbon.

4 pe was calculated from the Ho/H™ redox couple.

¢ Dissolved organic carbon from the leachate was assumed to be reactive, while pristine DOC was not. In the
model, two DOC fractions differing in reactivity were used (see Table 2).

f Observed nitrate concentrations in pristine groundwater are given as maximum concentrations for below the
plume, above the plume and upstream of the landfill, respectively.

water used in the model was calibrated using PEST (see Section 2.6). The model
composition for inflowing leachate was taken equal to the average composition of well
Wb, located just below the landfill (Fig. 1). However, for ClI, SO4, N, and Ar, the average
concentration observed in the whole plume was adopted, because (near) conservative
behaviour is observed. Leachate contains high concentrations of the following species with
respect to pristine groundwater: Cl, alkalinity, DOC, Fe(Il), CH4, NH,4, Ca, Mg, K and Na.
Leachate leaving the landfill body is supersaturated with respect to siderite and calcite.
Concentrations of SO4, N, and Ar are lower in the plume than in pristine groundwater.
The pristine aquifer is anaerobic. Nitrate was observed only in shallow groundwater
upstream and above the plume, and was assumed to be absent at plume depth before
landfilling started. Nitrate reduction is likely to be an important redox process at the top
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fringe of the plume. Van Breukelen et al. (2003) showed that DOC degradation inside the
leachate plume was coupled to iron reduction, while sulfate reduction and methanogenesis
were restricted to the landfill body. This is reflected by the strong contribution of iron-
reducing bacteria of the family Geobacteraceae to the microbial communities in this
plume (Rdling et al., 2001). Iron reduction is expected to be the dominant redox process in
the pristine aquifer at plume depth as well. Undersaturation with respect to calcite (CaCO3)
and siderite (FeCOs) indicates that the pristine aquifer does not contain these minerals.
Supersaturation with respect to siderite and calcite indicates that precipitation of these
carbonate minerals probably happens within the leachate plume (Fig. 7).

2.5. Simulation of the biogeochemical processes

2.5.1. Degradation of dissolved organic carbon coupled to reduction of iron oxide
Dissolved organic carbon (DOC) degradation was simulated using first-order kinetics,
assuming two DOC fractions differing in reactivity (see Table 2 and Section 3.2).
Individual DOC components were not simulated: the total concentration of mono-aromatic
hydrocarbons was three orders of magnitude lower than the DOC concentration, while

Table 2

Biogeochemical reactions modelled

Reaction logk® Rate (M/year) Amount (mmol/l)

Biodegradation DOC

DOC — CH,0O 1.03 x 10~ 2 x [DOCp]° 6.14 (DOCp)
1.06 x 10~ ! x [DOCr]° 3.06 (DOCr)

9.2 (total DOC)
CH,0+H,0 — CO,+4e” +4H" instantaneous
Iron reduction
FeOOH+3H" & Fe’ " +2H,0 —0.15 50
Fe’? " e Fe’ T +e~ —13.02

Carbonate precipitation
CaCO; <> Ca® " +CO3~ —8.48
FeCO; <> Fe? "+ C03% ~ —10.89

73x1074x(Q—1) 0
33%x107°x(Q—1)° 0

Cation exchange and proton buffering

Cation exchange capacity (CEC)
Proton buffer ( Yio)

Degassing®
$p(CO,, CHy, Ar, No) < P-hydro

instantaneous

113 (142 + 85)¢
30 (30 + 24)°

*logK is given for 25 °C.

> DOCr=reactive fraction of dissolved organic carbon; DOCp = persistent (less reactive) DOC fraction.

¢ Q= saturation state for specific mineral in groundwater.

4CEC (meq/)=0.6 X [%<2 pm] X 10 X (pp/e); Yior (meq/l)=4.8 X [% OC] x 10 X (py/c), (Appelo et al.,
1998). For porosity (¢) a value of 0.3 was adopted, while for calculation of the bulk density (p) the specific
weight of quartz (2.65 g/cm®) was taken for the sediment grains. Model values are given, while observed averages
and standard deviations are shown between parenthesis.

¢ P-hydro = hydrostatic pressure=1.68 atm.
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Albrechtsen et al. (1999) measured equally low concentrations of volatile fatty acids in
methanogenic-phase leachate under iron-reducing conditions. Dissolved organic carbon
in methanogenic-phase leachate consists mainly of humic and fulvic acids (Christensen
et al., 1998). Oxidation of soil organic matter was not included because its reactivity
was expected to be much lower than the leachate DOC reactivity. Sorption of DOC to
sandy aquifer sediments is low (Christensen et al., 2001) and therefore neglected in the
model.

Kinetic degradation of DOC was simulated following the two-step partial equilibrium
approach (e.g., Brun and Engesgaard, 2002) by transforming conservative (to the model)
DOC species into “reactive” CH,0, which is instantaneously oxidized in the PHREEQC
model while maintaining thermodynamic equilibrium. The adopted FeOOH solubility
(Table 2) falls in the solubility range for lepidocrocite and was calculated from hydrogen
gas concentrations assuming that iron reducers need a minimum threshold of — 7 kJ/mol
H, to oxidize H, (Van Breukelen et al., 2003). The hydrogeochemical conditions (absence
of oxygen and nitrate, solubility FeOOH, pH) determine that Fe(IIl) is the preferential
electron acceptor and has a higher affinity to accept electrons than sulfate or carbon
dioxide. The initial content of FeOOH in the aquifer was taken constant and sufficiently
high in order to prohibit depletion of iron oxide close to the landfill.

2.5.2. Precipitation of carbonate minerals

Precipitation of siderite and calcite were modelled as kinetic reactions, because the
leachate was supersaturated and far from thermodynamic equilibrium with these mineral
phases. Rate of precipitation (R) was modelled as the product of the observed or effective
rate constant (k,ps) times the saturation state minus 1 (e.g., Nancollas, 1979):

R=Kps(2—1) (1)
with
IAP
Q=— 2
K )

where Q is the saturation state, [AP is the ion activity product, and K is the thermodynamic
equilibrium constant. The saturation state is 1 at thermodynamic equilibrium, and the
water is supersaturated with respect to a particular mineral when Q exceeds 1. The
observed rate constants were determined (Table 2) by matching the observed saturation
indices of the minerals using PEST (see Section 2.6). The equilibrium constants of calcite
and siderite (Table 2) were taken from the PHREEQC database.

2.5.3. Cation exchange and proton buffering

Proton buffering was included in the model because pH changed from slightly acidic in
the pristine aquifer to close to neutral in the landfill (Table 1). Proton buffering on soil
organic matter (SOM) was modelled according to the approach of Appelo et al. (1998),
with exchange coefficients for proton exchange taken from Tipping and Hurley (1992).
Proton buffering on iron oxide was neglected because PHREEQC calculations on surface
complexation (results not presented) showed that proton desorption from iron oxide was
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much less than from SOM. However, it will be of more importance in aquifers having
lower SOM to FeOOH ratios.

Following Appelo et al. (1998), cation exchange capacity (CEC) was estimated using
the average clay content of the sediments (3.8 & 2.3%; n=15), while the amount of proton
exchangeable sites ( Y1) was estimated using the average organic carbon content of the
aquifer (0.10 £ 0.08%; n=5; Table 2). Exchange coefficients on clay and organic matter
were taken from the PHREEQC database and Appelo et al. (1998), respectively. Exchange
coefficients of Fe? 'and NH; to organic matter are not known, but were assumed to be
equal to Mg”> " (Griffioen, 1992) and K* (Bruggenwert and Kamphorst, 1982), respec-
tively. The exchange coefficient of Fe? * to clay (X ) was taken equal to Mg”".

2.5.4. Degassing

The landfill leachate plume contains high concentrations of CH4 and CO,, and the total
gas pressure exceeds hydrostatic pressure (Van Breukelen et al., 2003). Gas bubbles may
therefore form (Blicher-Mathiesen et al., 1998), and volatilization from the plume may
occur. In particular, volatile methane can be expected to decrease in concentration as a
result of degassing (Baedecker et al., 1993).

PHREEQC calculates, given the hydrostatic pressure, whether or not a gas phase forms
including the moles of gas and its composition in equilibrium with groundwater. Gases
included in the model were: CO,, CH4, N, and Ar. The hydrostatic pressure was fixed at
1.68 atm along the flow path, which was in the range of hydrostatic pressure along the flow
path (1.5 to 1.7 atm), and equal to the total gas pressure of the leachate source composition.
A developing gas phase was modelled to be instantaneously lost from the leachate.

2.5.5. Modelling of ">C isotope geochemistry

The carbon isotope geochemistry was simulated in PHREEQC by adding “C12” and
“C13” as separate imaginary solutes to the model. The exact concentration of '>C and '*C
was calculated from the DIC isotope signature in leachate and pristine groundwater (Table
1). Degradation of DOC was simulated without isotope fractionation, and C12 and C13
were added to the model cells in absolute amounts calculated from the average observed
6"3C-DOC value of —27%0 (Van Breukelen et al., 2003).

Potential anaerobic methane oxidation was simulated as a first-order process, and
fractionation as a result of oxidation was included:

Be [c]
RBC = k[CH4] <[13C] n qu) (1)
and
e _ [*C]
R'2C = k[CH,] <[13C] - qu)a (2)

where R'3C and R'C are the oxidation rates of 13C-CH4 and 12C-CH4, respectively, & is
the rate constant for methane oxidation fitted to the observed downstream methane
decrease, [i] is concentration of species i, and o is the fractionation factor (x=1.014).
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This value has been calculated for anaerobic methane oxidation observed within another
landfill leachate plume (Grossman et al., 2002). The §'*C-CH, of inflowing leachate and
pristine groundwater was taken at —53.1%0 and —72.6 %0 , respectively (Table 2).

The 6'°C of precipitating carbonate minerals (siderite and calcite) was determined at
each time step and distance by calculating the '°C of bicarbonate (using [HCO5 ], [CO,],
8'3C-DIC and a fractionation factor 138bicarb0natefcoz(aq) of +10.6%0 (Mook, 2000)) and
adopting a fractionation factor (13sca,bonate mineral — bicarbonate) Telative to bicarbonate. Two
sets of fractionation factors (13 Ecarbonate mineral —bicarbonate) Were tested (see Section 3).

Finally, the effect of carbon dioxide degassing on 6'*C-DIC was simulated. Following
the approach of carbonate mineral precipitation, 6'*C-CO,(g) was calculated using 6'>C-
CO, (aq) and taking a fractionation factor ' £C0,(g)—COyaq) Of T1.13%0 at 11 °C (Mook,
2000).

2.6. Calibration of the reactive transport model using PEST

Calibration of the model was done using the parameter estimation software PEST
(Watermark Numerical Computing, http://www.sspa.com/pest). PEST optimizes the sum
of weighted least squares between the model outputs and the field observations by
changing assigned model parameters within given ranges of uncertainty. The program uses
a nonlinear estimation technique known as the Gauss—Marquardt—Levenberg method.

The following model parameters were optimized: Fe(Il), Ca, Mg, K, Na and NH, of
pristine groundwater (within observed concentration range), observed rate constant (kqps)
for siderite and calcite precipitation, oxidation rate of the two DOC fractions (rate of
reactive fraction was set 10 times faster than less reactive fraction), proportion of the two
DOC fractions, total transport time, and cation exchange capacity (CEC). Cation exchange
capacity was optimized because the standard deviation of the estimates was high. The
optimum found was 20% less than the calculated average (see Section 2.5.3 and Table 2).
Other parameters were kept constant.

The following groundwater hydrochemical variables were used as constraints and taken
to calculate the weighted sum of square differences with model results: pH, DIC, DOC,
Na, K, Ca, Mg, NH,, Fe(Il), together with the saturation indices of siderite and calcite (for
SI calcite only well W2b was used because SI>0 at that point). Eight screens were used
(W2b—W9b), and for each screen average values over time (n=3) were taken. Conse-
quently, the total sum consisted of 81 square differences.

The weight factor for each variable was taken as the reciprocal of its average observed
concentration in the plume. High sum of residuals for cations (NH,>Ca>K>Mg = Fe(Il))
resulted in a suboptimal fit for variables having a low sum of residuals. Therefore, weight
factors of some key variables were multiplied to enhance the fit: pH ( X 10), DOC ( x 10),
SI siderite and SI calcite ( x 10"?).

3. Results of reactive transport modelling

Several reactive transport simulations (S1—S8) will be discussed (see Table 3) to show
the effects of the various processes on the downstream change in leachate composition.


 http:\\www.sspa.com\pest 

258 B.M. van Breukelen et al. / Journal of Contaminant Hydrology 70 (2004) 249-269

Table 3
Simulation  Processes included Remarks
S1 No reactions (only conservative transport)
S2 Cation exchange and proton buffering
S3 S2+DOC degradation coupled to iron reduction
S4 S3 + methane oxidation coupled to iron reduction
S5 S3 + precipitation of siderite and calcite Fe(Il) pristine=min. observed
S6 Idem Fe(II) pristine = calibrated
S6a: 13'S(:alc:ilf:—bica\rbunate, 13£siderite—bicarbonale:0~21 %o
Séb: I315c:al<:ilc—bicarbonalc: 1 %o 5 138sidcrilc—bicarbonalc:2-7 %o
S7 S6 + degassing Complete and calibrated model
S8 S7, but without proton buffering

3.1. Cation exchange and proton buffering

Cation exchange and proton buffering change the composition of the leachate flowing
through the aquifer. Fig. 2 shows the composition of the total exchanger (7=>X+ Yy
along the flow path for the final model (S7). Exchangeable (i.e., sorbed on the exchanger)
ammonium and potassium increased, while exchangeable calcium and Fe(Il) decreased in
the first 60 m of the flow path with respect to pristine groundwater further downstream.
Potassium and ammonium retard due to cation exchange at clay minerals with mainly Ca
and Fe(Il). Exchangeable Fe(Il) is thus released to the leachate. Fig. 2 shows that proton
buffering causes desorption of protons from sedimentary organic carbon, in response to an
increase in pH by inflow of leachate. Proton buffering causes about a unit of decrease in
pH at the front of the plume (compare simulation S7 with S8 in Fig. 8), and subsequently
may trigger degassing (see Section 3.4) as bicarbonate shifts to carbon dioxide (Fig. 9).

The fit of sodium observations is fair, and for potassium and magnesium reasonable (Figs.
3 and 4). However, simulated calcium and ammonium concentrations further than 50 m
downstream were higher and much lower, respectively, than observed (Figs. 3 and 4). PEST
used the maximum observed pristine concentrations of K, Na, and NH,, and the minimum
observed concentration of Ca in order to suppress simulated concentrations of calcium and

100 1 1 1 1 o 1 1
72MgTo ‘: /2FeTo

—~ 80 ) 3
X Desorption of Fe(ll)
- 2CaTo
S 601 3
>-
;2 0 KT
o Desorption of protons
4 NHT pron otp
= 20+ _ -

B HT

0 20 40 60 80 100 115 A~160

Distance (m)

Fig. 2. Simulation of exchange site composition (7= X(X+ Y,)) along the flow path.
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Fig. 3. Observations and simulation of calcium ({>) and magnesium (A ).

improve the overall fit of the model. Varying the exchange selectivity coefficients of Ca and
NH, within reported ranges (Bruggenwert and Kamphorst, 1982) did not significantly
improve the fit of Ca (results not shown). Excluding proton buffering from the model
slightly decreased the match with Fe(I) and Ca observations (results not shown). Re-
tardation factors for potassium and ammonium were calculated as, respectively, 3.4 and 2.9
using model concentrations, but for ammonium observed retardation seems less than 2.

3.2. Degradation of dissolved organic carbon coupled to iron reduction

Degradation of DOC is coupled to reduction of iron oxide in the leachate plume (Van
Breukelen et al., 2003). Zero- or first-order DOC degradation kinetics did not result in a
reasonable match with observations (results not shown), as a consequence of a very
sluggish decrease of observed DOC concentration in the downstream part of the plume
(Fig. 5). Monod kinetics may be a suitable rate formulation but describes biodegradation
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Fig. 4. Observations and simulation of sodium (@), potassium (O) and ammonium ().
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Fig. 5. Observations and simulation of dissolved organic carbon (@) and chloride (A).

of specific substrates and consequently does not apply for leachate DOC. Biodegradation
of complex organic matter like DOC is usually simulated considering an infinite number
of reactive fractions (Bosatta and /&gren, 1995). Here, a simpler model considering first-
order degradation of only two DOC fractions with different reactivity simulated observa-
tions well (Table 2, Fig. 5). The decrease in overall DOC reactivity downstream is caused
by depletion of the reactive DOC fraction according to this degradation model. PEST
optimized the proportion of the most reactive fraction as a third of total DOC.

The content of iron oxide was almost completely consumed close to the landfill after
30.5 years (Fig. 6). However, the few measurements do not show a decrease in iron oxide
content towards the landfill. Depletion of iron oxide downstream from the landfill is
however expected in the near future as degradation proceeds. Taking a lower solubility for
FeOOH equal to goethite (logK=— 1.0) causes iron reduction to be energetically less
favorable and results in a short sulfate-reducing zone at the landfill border succeeded by
simultaneous methanogenesis and iron reduction downstream (Fig. 11). FeS was allowed to
precipitate in this model. Note that, once methanogenesis is active, degassing strongly
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Fig. 6. Observations and simulation of iron oxide, siderite, and calcite content.
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impedes the methane concentration to increase downstream. This illustrates that occurrence
of methanogenesis is difficult to determine from methane concentrations in contaminant
plumes, once the sum of partial gas pressures starts to exceed the hydrostatic pressure.

Simulation S3 indicates that, if only cation exchange and iron reduction would occur,
pH, DIC and Fe(Il) should increase downstream (Figs. 8—10). However, decreases in pH
and DIC were observed, while the observed dissolved Fe(Il) concentrations were much
lower than the calculated Fe(Il) concentrations (up to 14 mmol/l), resulting in simulated
saturation indices of siderite (up to 3.5) and calcite (up to 2.0) which are much higher than
observations (results not shown).

3.3. Precipitation of calcite and siderite

The discrepancy between field observations and model S3, which excludes precipita-
tion of carbonate minerals, indicates that precipitation of siderite (FeCO3) and calcite
(CaCO;) takes place. Kinetic precipitation was simulated because observed saturation
indices for these minerals were substantially above zero (siderite: 0.8—1.8, calcite up to 0.8
near the landfill).

Rate constants for calcite and siderite precipitation were obtained by calibration using
PEST and are shown in Table 2. One should note that the rate constant depends on the
solubility constant of siderite, because the saturation state depends on this constant. The
reported range of the thermodynamic equilibrium constant for siderite varies from — 10.45
to — 11.20 (Jensen et al., 2002) and our adopted value ( — 10.89) fits in this range. The
calibrated rate constant for siderite precipitation (3.3 x 10~ > mol/l/year) is about 20 times
lower than for calcite (7.3 x 10~ * mol/l/year). However, absolute amounts of precipitated
calcite and siderite are about equal (Fig. 6), as the lower rate constant is compensated by
the higher saturation state of siderite. Lower rate constants for iron carbonate with respect
to calcium carbonate precipitation, have generally been observed (Wajon et al., 1985;
Jensen et al., 2002). Halving or doubling of the calibrated rate constant resulted in upper
and lower limits of observed Sls for siderite (Fig. 7). Observed rate constants for both
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Fig. 7. Observations and simulation of saturation indices (SIs) of siderite (W) and calcite (@). Simulated SIs of
siderite are also shown using the halved or doubled calibrated rate constant.
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Fig. 8. Observations and simulations of pH.

siderite and calcite precipitation are low in comparison with reported values and are
attributed to the initial absence of these minerals in the aquifer and the presence of fulvic
acids in leachate, and to less extent to the low temperature of groundwater (Van Breukelen,
2003).

The final model (S7) calculates a maximum of 120 mmol/l of carbonate minerals
precipitated at the landfill border (Fig. 6), which corresponds to a carbonate fraction of
0.023% C at a porosity of 0.3. This amount is much smaller than the detection limit of the
measurement method used (0.5% C). Therefore, direct observational proof for precipita-
tion of carbonate minerals was not acquired. Observations for siderite plotted in Fig. 6 are
semiquantitative measurements based on chemical extractions and are indicative of the
total amount of siderite present (Van Breukelen et al., 2003).

Precipitation of siderite and calcite decreases pH and DIC in downstream direction in
agreement with the observations (Figs. 8 and 9). The SIs for siderite and calcite were also
well matched by the model (Fig. 7). An important model variable was the adopted
concentration of Fe(Il) in pristine groundwater. PEST optimized the Fe(Il) concentration
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Fig. 9. Observations and simulations of dissolved inorganic carbon (DIC).
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(0.11 mmol/l) close to the observed average in pristine groundwater (0.12 + 0.12 mmol/l,
n=26). A higher Fe(II) concentration at pristine conditions leads to a higher Fe-occupancy
of the exchanger at pristine conditions. This implies a larger amount of Fe(I) expelled due
to cation exchange, when NHy4-rich leachate enters the aquifer, and siderite precipitation is
initiated upon pH increase. Therefore, Fe(Il) at pristine conditions together with the rate
constant for DOC degradation mainly control the amount of siderite precipitated, and
consequently the DIC concentration. For example, if the minimum observed Fe(II)
concentration was adopted ( ~ 2 pumol/l), Fe(Il) released due to cation exchange was
substantially lower (simulation S5). Consequently, simulated Fe(Il) was lower than
observed (Fig. 10), less siderite was precipitated (result not shown) and pH simulated in
the front part of the plume was too high (Fig. 8).

3.4. Degassing

Fig. 12 shows the simulated partial gas pressures of CO,, CHy, N, and Ar for the final
model, as well as the total gas pressure for the simulation excluding degassing (S5). The
gas pressure in the leachate is high due to production of CO, and CH, inside the landfill
body. The total gas pressure starts to exceed the hydrostatic pressure from about 40 m
downstream in case degassing is not simulated (S5). It reaches a maximum pressure (2.2
atm) at the front of the plume. Carbon dioxide and methane are lost in about equal molar
amounts when degassing is modelled (i.e., total gas pressure is not allowed to exceed
hydrostatic pressure). However, the relative loss of methane is much higher, due to its
lower solubility. The simulated decrease in methane by degassing at the most downstream
well W9b was 14%, while a decrease of 34% was observed (Fig. 11). Mono-aromatic
pollutants will not be attenuated by degassing as these compounds are much less volatile
than methane.

Degassing is not likely to be caused by in situ production of gases in this aquifer (DIC
production due to DOC oxidation is less than DIC removal by precipitation of carbonate
minerals), but is triggered in our case by both proton buffering and precipitation of

3
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Fig. 10. Observations and simulations of Fe(II).
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Fig. 11. Observations and simulations of dissolved methane (#) and sulfate (H).

carbonate minerals. Both geochemical processes cause a decrease in leachate pH (Fig. 8),
which shifts bicarbonate to carbon dioxide (Fig. 9) and consequently increases pCO, and
total gas pressure (Fig. 12). Carbonate mineral precipitation induces degassing between 40
and 100 m downstream, while proton buffering is the main trigger at the front part of the
plume (Fig. 11).

3.5. Modelling the carbon isotope geochemistry of the leachate plume

Simulation of ¢'*C-DIC was performed to verify the model. Fig. 13 presents the
contribution of various processes to the 3'>C-DIC evolution. Oxidation of DOC contrib-
utes inorganic carbon depleted in 6'*C (—27 %o ) and consequently lowers §'*C-DIC in
the direction of flow (Fig. 13: S3). The observed 6'*C-DIC decrease; however, is larger
and supports occurrence of carbonate mineral precipitation (Fig. 13: S6a, S6b). Carbonate
mineral precipitation and DOC oxidation have a comparable impact on the '*C-DIC
decrease.
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Fig. 12. Simulation of degassing of dissolved gasses in leachate plume.
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Fig. 13. Observations and simulations of the carbon isotope geochemistry: §'*C-DIC (@) and 6'*C-CH, (m).
Results are shown for DOC oxidation (S3) in combination with anaerobic methane oxidation (S4) or precipitation
of carbonate minerals (S6a and S6b).

The fractionation factor for calcite precipitation differs somewhat in literature, and has
not been determined for siderite precipitation at low temperature. Simulations were
therefore run with two sets of fractionation factors (Table 3: S6a and S6b). For simulation
S6a, the fractionation factor for CaCO; at a temperature of 11 °C (+0.21 %o ) was taken
from Mook (2000) and was assumed to apply for FeCO; as well. Romanek et al. (1992)
observed higher fractionation factors for calcite and aragonite: +1.0%0 and +2.7 %o ,
respectively. Fractionation of aragonite conducted in experiments between 10 and 40 °C
(Romanek et al., 1992) appeared similar to carbon-13 fractionation of siderite measured
recently in precipitation experiments between 45 and 75 °C (Zhang et al., 2001). The
fractionation factor for siderite can therefore be taken from aragonite for this low-
temperature aquifer (Horita and Zhang, personal communication). Simulation S6b adopted
the higher fractionation factors observed by Romanek et al. (1992) and therefore resulted
in a stronger 6'°C-DIC decrease. Simulation S6a simulated observations closer than
simulation S6b (Fig. 13).

The effect of carbonate mineral precipitation on the downstream §'>C-DIC decrease is
considerable because of the slightly acidic conditions in this aquifer. The positive
equilibrium fractionation factors between DIC species and carbonate minerals results in
a preferential removal of '*C from the leachate. However, the equilibrium fractionation
factor with respect to carbonate minerals is much higher for dissolved carbon dioxide than
for bicarbonate (138bica,bonate,coz(aq) ~+95% at 20 °C and +11.4%0 at 5 °C
(Mook, 2000)). Therefore, fractionation due to carbonate mineral precipitation is relatively
large under the slightly acidic conditions in this aquifer, where CO,,q) makes up a large
part of DIC, compared to fractionation at neutral and alkaline pH, where bicarbonate or
carbonate dominate DIC.

Degassing of carbon dioxide from the plume had a negligible effect on 6'*C-DIC,
because the amount of degassed CO, was low with respect to total DIC (results of
simulation not shown). The potential effect of anaerobic methane oxidation on 4'*C-DIC
was little compared to DOC oxidation or carbonate mineral precipitation (Fig. 13). In
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disagreement with observations, the model predicts a strong increase in 0'>C-CH, values
downstream (Fig. 13). A much lower fractionation factor (x=1.001) below the reported
range for oxidation (¢=1.003—1.037) but indicative for degassing (Bergamaschi, 1997)
explained observations better. Consequently, occurrence of anaerobic methane oxidation in
this plume is unlikely, which confirms an earlier interpretation (Van Breukelen et al.,
2003). Simulation of the carbon isotope geochemistry supports the probability of the
hydrogeochemical model, and indicates that carbonate mineral precipitation occurs,
although 6'*C-DIC observations were not perfectly matched.

4. Discussion and conclusion

Multicomponent geochemical transport modelling was used to obtain quantitative
insight into the reactions contributing to the changes in leachate composition downstream
of the Banisveld landfill, the Netherlands. A combination of reactions needed to be
incorporated in the model in order to simulate observations: degradation of DOC coupled
to reduction of iron oxide, cation exchange, proton buffering, and kinetic precipitation of
siderite and calcite. Degassing provides an explanation for downstream decreasing
methane concentrations and was triggered at the site studied by carbonate mineral
precipitation and proton buffering both increasing pCO, by decreasing the pH. Remark-
ably, it was sufficient to adopt a constant leachate composition, while in other studies
spatial heterogeneity (Brun et al., 2002) or temporal variability of the source (Van
Breukelen et al., 1998) had to be accounted for. Simulation of the carbon isotope
geochemistry confirmed the proposed reaction network independently. The study demon-
strated the relevance and impact of various secondary geochemical processes on leachate
plume evolution. However, the approach of modelling the processes is nonunique. For
example, proton buffering on iron oxide was omitted, a different rate law for degradation
could have been adopted (e.g., taking the content of iron oxide as additional parameter
(Liu et al., 2001), Monod kinetics with microbial growth), precipitation of solid solutions
may have happened, and the surface area could have been incorporated in the rate
formulation for mineral precipitation.

This and other studies (Baedecker et al., 1993; Revesz et al., 1995) indicate that
degassing is an essential secondary process to consider in solving the reaction network
controlling methane. Methanogenesis will be underestimated for gas-saturated plumes if
the occurrence of gas exsolution is not accounted for (see Fig. 11). The significance of
secondary methane-oxidizing redox reactions at the fringe of pollution plumes, as
demonstrated by Hunter et al. (1998) via reactive transport modelling, will increase
substantially if degassing is considered. Furthermore, degassing can lead to formation of a
separate gas phase in aquifer pores and may reduce the permeability of an aquifer. The
flow direction and/or velocity may change as a result (Ronen et al., 1989; Yager and
Fountain, 2001). This might also be an explanation for local water table mounds observed
at landfill sites (Christensen et al., 2001).

The various secondary geochemical processes identified in this specific plume should
be considered as being of general importance for landfill leachate plume evolution. Cation
exchange will manifest since leachate generally contains a different salt composition and
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higher salt concentration than fresh groundwater in pristine aquifers (Bjerg et al., 1993;
Griffioen, 1999). Cation exchange buffers Fe(Il) and retards K and NH,. Proton buffering
should be considered because pH changes in these systems can be considerable (Griffioen,
1999). Cation exchange and iron reduction contribute to the supersaturation of leachate
with respect to Ca- and Fe-carbonates, respectively, and this shows that precipitation is
kinetically controlled. Finally, high production of CH4 and CO, in the landfill body and
plume makes the necessity to consider degassing evident.

Simulations indicate that the rate of siderite precipitation equals or exceeds the rate of
iron reduction. Cation exchange buffers released Fe(Il) as well. Using the aqueous Fe(Il)
concentration to quantify iron reduction (Wiedemeier et al., 1995) will therefore result in
underestimating the extent of reductive dissolution of Fe-oxides, and associated extent of
organic species degradation. A multiple solute model is not able to simulate siderite
precipitation or other geochemical reactions, and could therefore only match dissolved
Fe(Il) in an aromatic hydrocarbon plume when the stoichiometry ratio of Fe(II) released
per amount of Fe(Ill) reduced was adjusted from 1 to 1 down to 0.18 to 1 (Essaid et al.,
1995). Geochemical-based reactive transport models can account for secondary geochem-
ical reactions and hold therefore more promise for simulating the evolution of pollution
plumes.
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